Intensive land use reduces the diversity and abundance of many soil biota, with consequences for the processes that they govern and the ecosystem services that these processes underpin. Relationships between soil biota and ecosystem processes have mostly been found in laboratory experiments and rarely are found in the field. Here, we quantified, across four countries of contrasting climatic and soil conditions in Europe, how differences in soil food web composition resulting from land use systems (intensive wheat rotation, extensive rotation, and permanent grassland) influence the functioning of soils and the ecosystem services that they deliver. Intensive wheat rotation consistently reduced the biomass of all components of the soil food web across all countries. Soil food web properties strongly and consistently predicted processes of C and N cycling across land use systems and geographic locations, and they were a better predictor of these processes than land use. Processes of carbon loss increased with soil food web properties that correlated with soil C content, such as earthworm biomass and fungal/bacterial energy channel ratio, and were greatest in permanent grassland. In contrast, processes of N cycling were explained by soil food web properties independent of land use, such as arbuscular mycorrhizal fungi and bacterial channel biomass. Our quantification of the contribution of soil organisms to processes of C and N cycling across land use systems and geographic locations shows that soil biota need to be included in C and N cycling models and highlights the need to map and conserve soil biodiversity across the world.
soil fauna | modeling | soil microbes | nitrogen S oils are of central importance for delivering ecosystem services, such as food production and climate mitigation. These services strongly depend on carbon (C) sequestration and nutrient cycling, processes that are governed by soil biota. Increasing demand for the production of food, fiber, and biofuel has resulted in intensification of agricultural production, which reduces soil organic matter content (1) and the biomass and diversity of most soil biota (2) , with consequent impacts on processes of C and nutrient cycling. Specifically, land use-induced shifts to more bacterial-dominated microbial communities have been linked to increased nitrogen (N) losses (3) (4) (5) and reduced C sequestration (6) . Conversely, fungal-dominated microbial communities, which are common in less intensively managed land use systems, are linked to more conservative nutrient cycling and greater storage of C (5, 7, 8) . Although soil microbes are the primary actors in C and N cycling, their biomass and activity are greatly influenced by higher trophic levels of the soil food web. For instance, animals that consume microorganisms can stimulate rates of nutrient mineralization (9) and plant productivity (10) , whereas bioturbators, such as earthworms, can further increase nutrient availability for plants (11) , although they can also increase N 2 O emissions from soil (12) .
Although there is evidence from field studies that soil microbial communities are linked to ecosystem functioning (13, 14) , most studies on relationships between soil fauna and ecosystem function have been done in controlled (microcosm) experiments (15) . As a result, our understanding of the functional importance of different groups of soil biota and the connections between them (the soil food web) in the field is limited, and it is not known how changes in soil food web structure across contrasting locations and land use systems impact on ecosystem functioning. There is some evidence to suggest that the role of the soil food webs relative to abiotic factors in regulating ecosystem functions will vary across geographical locations and environmental gradients (16) . Moreover, differences in land use have been shown to affect the resistance and the resilience of soil food webs to simulated drought, with consequences for processes of C and N cycling (17) . Therefore, quantifying general relationships between soil biota and processes of C and N cycling is of pivotal importance for predicting how these processes will be affected by global change.
Our aim was to quantify, across geographically contrasting locations in Europe, how changes in soil food web composition resulting from land use systems influence the ecosystem services that they deliver. We hypothesized that, across European land use systems, processes of C and N cycling are explained by soil food web properties on top of variation explained by other factors, such as land use and soil physical and chemical properties. Specifically, we hypothesized that (i) more intensive land use consistently reduces the biomass of soil fungi and their consumers and increases the dominance of bacteria and their consumers [i.e., decrease the fungal/bacterial (F/B) channel ratio] and (ii) a shift to greater dominance of bacteria and their consumers (i.e., decrease F/B channel ratio) increases rates of C and N cycling and loss.
To test these hypotheses, we measured C and N fluxes at 60 sites in four European countries (Sweden, United Kingdom, Czech Republic, and Greece) distributed across five locations in each country representing intensive annual crop rotation [high intensity (H)], extensive rotation, including legumes or ley [medium intensity (M)], or permanent grassland [low intensity (L)]. Measurements included potential N mineralization, which is a measure of the release of N for plant uptake, and losses of N and C from soil both as gases and in drainage waters. Gaseous emissions from agricultural soils, as N 2 O, CO 2 , and CH 4 , contribute significantly to global warming and atmospheric pollution (18) , and leaching of C and N in drainage waters contributes to eutrophication of ground and surface water (19) . We also quantified the biomass of key functional groups in the soil food web, including fungi and bacteria, protozoa, nematodes, earthworms, Enchytraeids, mites, and collembolans. To relate the structure of the soil food web to C and N fluxes, we calculated traditional soil food web properties, such as the number of feeding groups in the food web. In addition, to test our hypothesis that land use will alter the relative importance of the fungal and bacterial energy channels, we calculated measures based on the fungal, bacterial, and root energy channels (SI Appendix, SI Methods).
Soil food webs and their corresponding C and N fluxes are likely to be affected by factors, such as land use, soil properties, and spatial structure of sampling sites. To determine whether soil food web characteristics explained a unique proportion of variation in ecosystem services and deduce meaningful relationships between soil food web properties and C and N fluxes, we also accounted for variation caused by the spatial structure of the sites (which can be caused by autocorrelation between values of the response variable or underlying factors, such as climate and geology), land use, and soil properties. We accounted for spatial autocorrelation in the measured variables by calculating spatial filters using principle coordinates of neighbor matrices (20) , and we used a hierarchical modeling approach that has previously been used to explain landscape-scale variation in soil microbial communities on the basis of climatic factors, soil properties, and plant traits (21) (Materials and Methods and SI Appendix).
Results and Discussion
Across all four countries, soil food web structure was strongly influenced by land use (SI Appendix, Tables S1 and S2). The number of feeding groups, total biomass of the soil food web, and biomass of the fungal, bacterial, and root energy channel [which consists of arbuscular mycorrhizal fungi (AMF), root-feeding fauna, and their predators] were all lower under the M and H land use categories relative to the L category (SI Appendix, Table S1 ). The biomass of many individual feeding groups of soil biota was lower under these more-intensive land uses (SI Appendix, Table  S2 ). These results indicate that, across contrasting sites in Europe, land use intensification consistently reduces the biomass of all components of the soil food web. However, in contrast to our hypothesis, land use intensification did not influence the ratio of fungal to bacterial biomass or the ratio of fungal energy channel to bacterial energy channel biomass in any of the countries sampled. Instead, land use intensification equally reduced the biomass of most feeding groups in the soil food web. However, the biomass of the groups that are part of the root energy channel was reduced more than the biomass of the organisms of the fungal and bacterial energy channel together (the detritus energy channel) (SI Appendix, Table S1 ). This difference can be explained by the effect of tillage, which was included in the M and H land use forms, because it disrupts root-associated organisms and their consumers (8, 22) .
All our models explaining processes of C and N cycling included one or more soil food web measures, indicating that relationships between soil biota and ecosystem functioning are surprisingly consistent across contrasting sites in Europe (Tables  1 and 2 ). In four of six models, land use was not included as an explanatory variable, which indicates that soil food web properties are better predictors of processes of C and N cycling than the three land use systems. Land use might not be included in our models because within our three broad land use categories, differences in management might have impacted on soil food web structure, which in turn, affected ecosystem processes (SI Appendix, Tables S4-S7 shows management details of all sites). The inclusion of spatial filters in all final models illustrates the importance of accounting for the spatial structure of sampling sites across this scale (Tables 1 and 2 ) and shows that C and N fluxes varied both among and within European regions. Still, only the model for potential N mineralization included an interaction term between a soil food web property (namely bacterial energy channel biomass) and a spatial filter (filter 3), indicating that the relationship between bacterial energy channel biomass and N mineralization was dependent on geographical location (Box 1 and Table 1 ). For all other models, the relationship between soil food web properties and the process of C or N cycling was independent of location.
In line with our second hypothesis, across all 60 European farmland sites, the biomass of the bacterial energy channel was positively related to rates of N mineralization ( Fig. 1 and Table  1 ). Interestingly, although the bacterial energy channel was reduced by intensive land use, N mineralization was not affected by land use (SI Appendix, Fig. S1 ), suggesting that the relationship between the bacterial energy channel and N mineralization was independent of land use. Field studies have shown that fungalbased soil food webs have lower N leaching losses from soil (5, 23) and lower rates of N mineralization (24). In laboratory studies, greater bacterial abundance has been linked to increased rates of N mineralization, and the presence of bacterial feeders in soil has often been shown to increase rates of N mineralization both indirectly through stimulating bacterial activity and directly through excreting N compounds (9, 25, 26) . However, our study shows that N mineralization rates increase with greater biomass of the entire bacterial decomposition channel. This observation suggests that the intensification-induced reduction in bacterial channel biomass might increase the dependency on mineral fertilizer.
Mineralization of N can turn into a disservice when N supply is too high for crop uptake and excess N is washed away in drainage waters or lost to the atmosphere through denitrification (27) . Across all sites, leaching of N was strongly explained by the biomass of two functional groups, which together accounted for more than one-half of the variation explained by the full model (SI Appendix, Table S3 ). N leaching increased with greater biomass of bacterialfeeding nematodes ( Fig. 1 and Table 1 ), which is in line with our hypothesis and the stimulating effect of bacterial grazers on N mineralization. In addition, we found that N leaching decreased with increasing biomass of AMF across all sites. Laboratory studies have shown that AMF reduce leaching of N and phosphorus (P) (28), but we are not aware of such a relationship being detected in the field, which we show here. Surprisingly, N leaching was not affected by land use across sites (SI Appendix, Fig. S1 ), which shows that its relationship with AMF is independent of the impact of land use on AMF.
Production of N 2 O-a product of the denitrification process in soil-decreased across all locations with increasing biomass of flagellates, a group of protozoa that are part of the bacterial energy channel (Table 1) . A mechanistic link between protozoa and N 2 O production has never been reported before. Because protozoa are aquatic organisms, this correlation probably reflects that denitrification predominantly occurs in anoxic zones in the soil (12) . Although N 2 O emission is generally strongly affected by agricultural management (29), we did not find a link with land use here (SI Appendix, Fig. S1 ).
Across all sites, we found that the three land use types were all methane sinks, and the intensive rotation and permanent grassland were stronger methane sinks than the extensive rotation. For each C cycling process, the best explaining model is shown, with intercept, parameters, their parameter value (within each category of parameters), and P value as obtained by an L-ratio deletion test (SI Appendix, SI Methods). Interpretation of the models is in Box 1. Bacnem, biomass of bacterial-feeding nematodes; fungcoll, biomass of fungal-feeding Collembola; pathFB, fungal-to-bacterial energy channel biomass ratio; worms, earthworm biomass.
Legumes were included in the extensive rotation in three of four countries (SI Appendix, Fig. S1 and Tables S4-S7) and have been shown to reduce the strength of the methane sink in grasslands (30). Methane consumption also decreased with decreasing F/B biomass ratio and increasing biomass of bacteria (Table 2) , which suggests that the decrease in bacterial biomass as a result of land use intensification, such as was found here, might affect the abundance of methanotrophs (for example, through an increase in nitrifiers at the expense of methanotrophs) (31).
Production of CO 2 measured in situ is a measure of soil heterotrophic activity and root respiration, and it forms a pathway of C loss from soil. Production of CO 2 was greatest in the permanent grassland (SI Appendix, Fig. S1 ), which is consistent with these soils having the greatest C content (SI Appendix, Tables S4-S7). Production of CO 2 was also positively related to the biomass of earthworms, which were most abundant in the permanent grassland (SI Appendix, Table S2 ). Several field-based experiments have shown significant impacts of earthworms on C and N cycling (12) , but evidence for impacts of earthworms on respiration in the field is scarce. In addition and in contrast to our hypothesis, CO 2 production increased with greater importance of the fungal energy channel (greater F/B channel ratio) ( Fig. 1 and Table 2 ), a relationship that was independent of land use. Fungaldominated soil food webs are thought to be more efficient in their C use, although evidence is limited (6) . The positive relationship found here between the fungal decomposition pathway and CO 2 production might be a consequence of the fact that C-rich soils are generally fungal-dominated (5); consistent with this explanation, we found a positive relationship between biomass of the fungal energy channel and soil organic C (SI Appendix, Table  S1 ). However, a greater CO 2 production does not necessarily mean a greater loss of soil C given that soil C content is determined by the balance between C loss by respiration and C gain by photosynthesis.
Similar to CO 2 production, leaching of dissolved organic carbon (DOC) was greatest from permanent grassland across all sites (Table 2 ). In addition, DOC leaching increased with the biomass of fungal-feeding collembolans and bacterial-feeding nematodes. This increase might be a consequence of the greater biomass of the fungal energy channel with greater soil C stocks (SI Appendix, Table S1 ), although the biomass of fungal-feeding collembolans itself was not related to soil organic C (SI Appendix, Table S2 ). The link between DOC leaching and fungal-feeding collembolans suggests that this functional group might be a sensitive indicator for changes in labile C availability. In addition, labile C constitutes an easily decomposable food source for microbes, which might stimulate microbial growth and increase the biomass of bacterial and fungal grazers through bottom-up effects (32).
In sum, we found strong and consistent impacts of land use on the structure of soil food webs across land use systems in four climatically different regions in Europe; land use intensification reduced the abundance of most functional groups of soil organisms. In turn, soil food web properties strongly influenced processes of C and N cycling, and these relationships were consistent across land use types and sampling locations. The predictive power of soil food web structure or functional groups varied between the processes measured but was of equal importance as abiotic factors (SI Appendix, Table S3 ). Although relationships between soil food web properties and processes of C cycling were mostly related to land use intensity, relationships with N cycling processes were not. In all cases, soil food web properties were better predictors of processes of C and N cycling than the tree land use systems. Although ultimately correlative, the relationships that we found between bacterial-feeding animals, AMF, and earthworms and C and N cycling are in line with results from mechanistic Table 2 ). (F) DOC leached from soil explained by fungivorous collembolans and bacterivorous nematodes (relationship shown is for intensive wheat rotation and extensive rotation) (permanent grassland DOC leaching increases with 1,317 mg m −2 as shown in Table 2 ). (9, 12, 28) . Therefore, our results strongly suggest that including soil food web parameters will enhance the predictive capacity of C and N cycling models. Process-based C and N cycling models require detailed input information that is often not available on regional scales (33), and general relationships between soil food web properties and processes of C and N cycling have the potential to simplify these models. Although more validation is needed (for example, within the countries and soil types sampled), the simple relationships between earthworms and CO 2 production or between AMF abundance and N leaching might help parameterize C cycling (34) and ecosystem service models (35). Moreover, explicitly incorporating soil food web properties and their response to land use and climate change (17) in dynamic global vegetation models might improve predictions of climate change impacts on terrestrial ecosystem functions and their feedbacks to climate change (36). Finally, there is an urgent need to identify and evaluate indicators for soil-based ecosystem services (37). The quantitative relationships between relatively simple soil food web measures and ecosystem services shown in our analysis could be used to assess soil-based ecosystem services and disservices, such as N leaching from soil. Although the relationships revealed by our analysis require additional validation, they are an important first step to quantifying general relationships between soil food web properties and ecosystem processes in the field. Soil biodiversity is under threat by a range of pressures but remains severely understudied (38); our results explicitly quantify the contribution of soil organisms to processes of C and N cycling across a range of management and environmental conditions and thus, warrant efforts to map and conserve soil biodiversity across the world.
Materials and Methods
Field Sites and Sampling. We selected four countries across Europe: Sweden, United Kingdom, Czech Republic, and Greece. In each country, sampling was done at five locations, and each location had three managements: intensive rotation (H), extensive rotation (M), and permanent grassland (L). This nested design resulted in 60 sampling sites (4 countries × 5 farms × 3 managements). Between May and July of 2009, in each site, two 1-m 2 plots were randomly selected, and for each soil nutrient, microbial and faunal analyses of separate replicate soil cores (5-cm diameter and 10-cm depth) were taken from each plot and kept cool (4°C) until analysis (see below). Gas samples were taken in situ: in each plot, a 10-cm inner diameter collar consisting of a PVC cylinder was pushed 5 cm into the soil. Then, a 5-cm-high PVC lid was fitted into a butyl rubber-lined groove in each collar. An 8-mL gas sample was taken immediately and 30 min after attaching the lids. SI Appendix, Tables S4-S7 has climate data of sampling regions and details on soil properties and management.
Soil Analyses. Total soil C and N were analyzed on air-dried soil with a Leco CNS-2000 analyzer, and total organic C was measured in a Primacs SLC TOC Analyzer on dried (100°C) soil. Soil pH and gravimetric moisture content were determined using standard methods. Water-holding capacity was determined by placing saturated undisturbed soil cores on a suction pressure plate, and after drying at 105°C, bulk density was calculated. All soil, food web, and nutrient flux measures were expressed per meter squared, except potential N mineralization.
C and N Fluxes. Gas samples were analyzed for CO 2 , N 2 O, and methane as described in the work by Priemé and Christensen (39). Soil leachates were obtained and analyzed for concentrations of inorganic N and DOC and total N as described in the work by de Vries et al. (5) . Potential N mineralization was assessed by incubating a 5-g soil sample at 60% water holding capacity for 1 and 3 wk at 25°C, extracting with KCl, and analyzing inorganic N. The net amount of inorganic N mineralized in 2 wk was calculated as the difference in inorganic N between weeks 3 and 1.
Food Web Analyses. Phospholipid fatty acids (PLFAs) were extracted from 3 g soil according to the work by Frostegård and Bååth (40) . The PLFAs 15:0, i15:0, a15:0, i16:0, 16:0ω9, i17:0, a17:0, cy17:0, 18:1ω7, and cy19:0 were used as markers of bacterial biomass (40). The amount of PLFA 18:2ω6 was used as a marker of nonmycorrhizal fungal biomass, and the neutral lipid fatty acid 16:1ω5 was used as a marker for AMF (41). Fatty acids were converted into biomass C using the following factors: bacterial biomass, 363.6 nmol PLFA = 1 mg carbon (40); fungal biomass, 11.8 nmol PLFA = 1 mg carbon (42); and AMF biomass, 1.047 nmol neutral lipid fatty acid = 1 μg carbon (41). Protozoa numbers were estimated using a modified most probable number method, and enchytraeid worms were extracted from intact soil core samples using wet funnels. Nematodes were extracted from a 150-mL sample with the modified Cobb sieving and decanting method (43), and soil mesofauna were extracted from undisturbed samples using Tullgren funnels. Nematodes were identified to the genus level and allocated to trophic groups; Collembola, Acari, and Oribatida were determined to species level. More information on food web analyses and biomass calculations is in SI Appendix.
Statistical Analysis. We generated statistical models for each ecosystem service using spatial filters, soil properties, land use, and soil food web characteristics. We used linear mixed effects models with a farm-level random effect term to account for the clustering of fields in sampling locations. Analysis was conducted using the lme function of R version 2.11.1 (R Development Core Team 2009). Model selection followed the hierarchical procedure used in the work by de Vries et al. (21) . In short, the order in which variables were added to linear mixed effects models followed a hypothesized sequence of controls, being such that variables added later in the modeling process are unlikely to affect those variables added earlier. The first terms added to the models were spatial filters, after which we sequentially added soil properties, land use, soil C and N contents, and finally, soil food web properties. Models were selected based on Akaike Information Criterion, and true significance of retained terms was assessed by a χ 2 likelihood ratio deletion test. Detailed information on the modeling procedure is in SI Appendix.
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d)
Interaction terms between parameters that were found to be significant in a and b with parameters from class 1
Interaction terms between parameters that were found to be significant in a and b with parameters from class 1. Number of functional groups, diversity of functional groups, mean trophic level, maximum trophic level, fungal channel biomass, bacterial channel biomass, root channel biomass, total biomass, F/B channel ratio, R/D channel ratio, F/B ratio b) All combinations of terms from a that were found to improve AIC in phase a.
c)
Interaction terms between parameters that were found to be significant in a and b with parameters from class 1 and 3
6. Biomass of individual functional groups a) fungi, bacteria, AM fungi, nematodes (fungivorous, bacterivorous, omnivorous, predatory, plant-feeding, plantassociated), Collembola (fungal-feeding) , mites (fungalfeeding, predators), earthworms, enchytraeids, protozoa (amoebae, flagellates) b) All combinations of terms from a that were found to improve AIC in phase a.
Interaction terms between parameters that were found to be significant in a and b with parameters from class 1 and 3 Figure S1 . Differences in, and ranges of, ecosystem services and disservices as affected by land use across the four European countries. Boxes represent median and 25 th and 75 th percentiles, whiskers show maximum and minimum value unless extreme values are present (circles). Intensity effects were significant for CO 2 production (F 2,32 = 6.94, P = 0.003), CH 4 production (F 2,32 = 3.35, P = 0.047), and DOC leaching (F 2,30 = 19.6, P < 0.000). 
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Supplementary Methods
Food web analyses and calculations
Biomass calculations
First, the biomass of all measured and counted groups of the soil food web was calculated in terms of kg C m -2 . Fatty acids were converted into biomass C using the following factors: bacterial biomass 363.6 nmol PLFA = 1 mg carbon (1). Fungal biomass: 11.8
nmol PLFA = 1 mg carbon (2), AMF biomass: 1.047 nmol NLFA = 1 µg carbon (3).
After counting total numbers, nematodes were fixed in 4% formaldehyde and 150 randomly selected nematodes were identified to the genus level (4) and allocated to trophic group (5), and nematode biomass was individually estimated by analysing digital microscope images with a specially developed software tool (6) . Collembola were determined to species using keys of Gisin (7), Babenko et al. (8) , and Zimbars and Dunger (9) . Acari were sorted to suborders using Krantz and Walter (10) , and Oribatida were determined to species using keys of Balogh and Mahunka (11) and Weigman (12) .
Biomass of microarthropods was estimated from body dimensions following (13) . Biomasses for all groups were then expressed per square meter using bulk density values.
Estimation of the "flow-based" soil food webs
Carbon flows, expressed as kg C m -2 yr -1, between trophic groups in soil food webs were estimated as in Hunt et al. (14) from the biomasses of the different trophic groups at a given site (see above), , and from feeding preferences and physiological parameters of the different trophic groups (Table S9 and S10). Feeding rate (kg C m -2 yr -1 ) of trophic group j on trophic group i is expressed as = ∑ where B j is the biomass of group j, d j , a j and p j are respectively group j death rate, assimilation and production efficiencies, and g ij corresponds to the fraction each prey i represents in diet of trophic group j depending on predator relative feeding preference weighted by prey biomasses ( = ∑ ). The basic assumption underlying this way of calculating feeding rates is that this feeding rate, on an annual basis, balances losses through natural death ( ) and losses through predation (∑ ) (14) . Parameters used were taken from Hunt et al. (14) and further updated by a review of recent literature on the subject (see Table S9 and S10).
Measures of soil food web structure
We use three types of soil food web measures: diversity indices (number of trophic groups in the food web and Shannon diversity of trophic groups), measures based on trophic position (mean trophic level and maximum trophic level in the food web), and measures based on energy channels (Fungi/Bacteria biomass ratio, fungal channel biomass, bacterial channel biomass, root channel biomass, Fungal/Bacterial channel ratio, Root/Detritus channel ratio).
The trophic position of a species is defined here by the average of the trophic position of the species it consumes weighted by the diet fraction these species represents:
, where TL j is the trophic level of species j and gij the fraction of the consumer j's diet derived from the prey i. These "flow-based" trophic levels are computed following the method of Williams and Martinez (15) . Average trophic level for each consumer is the sum of all entries in each column of A = [I -G] -1 with I the identity matrix and G = (gij).
Fungal, bacterial and root energy channels are measured by the biomass of all the groups belonging to that channel weighted by their contribution to this channel. The contribution of a group to a channel is defined by # = ∑ # ! "
and thus the contribution of each group is equal to the product of A by a vector V, with V i =1 for the source of the energy channel (either fungi, bacteria or root) and 0 otherwise. We measured two different indices to quantify the fungal and bacterial energy channel. First we summed the biomass of all groups belonging to a given channel weighted by their contribution # to this channel. Second, because the order of magnitude of biomasses differs strongly between the trophic groups, we also calculated the energy channels with standardized biomasses of each group by dividing the biomass of one group by the overall mean of that group over all considered food webs (16) .
Spatial filters
Two different types of mechanisms can cause spatial structure in a measured variable, (i) known or unknown explanatory variables or (ii) autocorrelation between values of the measured variable. To explicitly incorporate spatial structure into our statistical models we calculated spatial filters using principal coordinates of neighbor matrices (PCNM) (17, 18) . This method accounts for the fact that measured variables are structured at different spatial scales; not just at a country scale (which could have been modeled as a random factor), but also within countries and within farms. The following steps were used to create the spatial filters:
1. A distance matrix was calculated from the geographic coordinates of all sites based on Euclidean distances.
2. This distance matrix was truncated at distances above 29.5 km as the minimum spanning tree in the region with the largest spread of field sites (Czech Republic) and all distances larger than 29.5 km were replaced by four times that value prior to PCO as recommended (19) 3. The principal coordinates were computed from this distance matrix.
4. All principal coordinates that corresponded to positive eigenvalues were retained as spatial filters for further analyses as they represent a spectral decomposition of the spatial relationships between sampling sites.
Statistical modeling
Model selection followed a modified version of the procedure described in De Vries et al et al. (20) . In this method, we added groups of terms according to a fixed sequential order, compared their influence on model likelihood, selected the variables that gave the greatest improvement to model likelihood, assessed by selecting the model with the lowest Akaike's Information Criterion (AIC), and then retained these terms in the model if they were found to be significant in a chi-squared likelihood ratio deletion test (LRTs) (21) . After these tests, another set of variables representing different controls over function were then added and the process was repeated.
The order of addition followed a hypothetical hierarchy of controls over function, starting with spatial filters that either account for autocorrelation between values of the response variable, or for underlying, measured or unmeasured factors such as climate and geology, and ending with soil food web properties. While interrelationships and correlations between predictor variables are unavoidable, we kept the order of the hierarchy such that variables added later in the modelling process were unlikely to influence those that had previously been added. Therefore, if soil food web properties shared explained variance with parameters previously added, but were retained in the model, they explained a unique proportion of variance. In contrast, if they accounted for all the variation explained by a parameter that was added earlier in the modeling process, this parameter then became non-significant. Addition of variables according to this hierarchy of controls does not allow for the disentangling of causative relationships, but if variation accounted for by the more proximate factors was entirely shared by the ultimate causes then these variables would not improve model likelihood when added. For variables for which an optimum of biological activity was expected, quadratic terms were added alongside main terms (e.g. pH, moisture).
First, spatial filters and first order interactions between them were added. For a full list of terms added see Table S11 . In the second stage, terms representing hydrology and soil physical properties were added: soil pH, moisture content, and water holding capacity. These variables are largely driven by underlying geology and local hydrology.
Once the effects of spatial structure and soil abiotic properties were estimated, we added first order interactions between the retained spatial filters and soil variables, and removed these sequentially by using LRTs, starting with the least significant until only significant interactions remained. The third set of terms consisted of the three land use forms of intensive wheat rotation, extensive rotation, and permanent grassland. The fourth stage of the process was including total N and C stocks, variables that will be affected by management, soils, and climate, but which might explain more or additional variation.
Fifth, we estimated soil food web structure effects on processes of C and N cycling, and finally, we tested for effects of individual functional groups of the soil food web on processes of C and N cycling. At the end of each of these steps, interaction terms between retained variables were added to the model and removed by LRTs, until only significant interaction terms remained.
Once this final model was reached we assessed the significance of each term by removing it from the model and performing a LRT. When it was found that terms that were significant earlier in the modelling process were no longer significant in the presence of new variables, the non-significant terms were removed from the model. A measure of model fit of the final model was calculated as the R-squared when fitting a linear regression to the actual data, with the predicted values of the model as the explanatory variable. We also explored how much influence each category of variable had upon overall fit by removing each class of variable from the fitted models and observing the change in AIC and model fit, as calculated above.
